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Summary

Pervasive human impacts rapidly change freshwater biodiversity. Frequently recorded exceedances of reg-
ulatory acceptable thresholds by pesticide concentrations suggest that pesticide pollution is a relevant con-
tributor to broad-scale trends in freshwater biodiversity. A more precise pre-release Ecological Risk Assess-
ment (ERA) might increase its protectiveness, consequently reducing the likelihood of unacceptable effects
on the environment. European ERA currently neglects possible differences in sensitivity between exposed
ecosystems. If the taxonomic composition of assemblages would differ systematically among certain types
of ecosystems, so might their sensitivity toward pesticides. In that case, a single regulatory threshold would

be over- or underprotective.

In this thesis, we evaluate (1) whether the assemblage composition of macroinvertebrates, diatoms, fishes,
and aquatic macrophytes differs systematically between the types of a European river typology system, and
(2) whether these taxonomical differences engender differences in sensitivity toward pesticides. While a
selection of ecoregions is available for Europe, only a single typology system that classifies individual river

segments is available at this spatial scale - the Broad River Types (BRT).

In the first two papers of this thesis, we compiled and prepared large databases of macroinvertebrate (paper
one), diatom, fish, and aquatic macrophyte (paper two) occurrences throughout Europe to evaluate whether
assemblages are more similar within than among BRT types. Additionally, we compared its performance
to that of different ecoregion systems. We employed multiple tests to evaluate the performances, two of
which were also designed in the studies. All typology systems failed to reach common quality thresholds
for the evaluated metrics for most taxa. Nonetheless, performance differed markedly between typology

systems and taxa, with the BRT often performing worst. We showed that currently available, European
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freshwater typology systems are not well suited to capture differences in biotic communities and suggest

several possible amelioration.

In the third study, we evaluated whether ecologically meaningful differences in sensitivity exist between
BRT types. To this end, we predicted the sensitivity of macroinvertebrate assemblages across Europe to-
ward Atrazine, copper, and Imidacloprid using a hierarchical species sensitivity distribution model. The
predicted assemblage sensitives differed only marginally between BRT types. The largest difference be-
tween median river type sensitivities was a factor of 2.6, which is far below the assessment factor suggested
for such models (6), as well as the factor of variation commonly observed between toxicity tests of the same
species-compound pair (7.5 for copper). Our results don’t support the notion that a type-specific ERA might
improve the accuracy of thresholds. However, in addition to the taxonomic composition the bioavailability
of chemicals, the interaction with other stressors, and the sensitivity of a given species might differ between

river types.



Zusammenfassung

Der allgegenwiértige Einfluss des Menschen beeinflusst die biologische Vielfalt in Stillwassersystemen stark.
Die hiufig festgestellten Uberschreitungen der zuldssigen Schwellenwerte fiir Pestizidkonzentrationen
deuten darauf hin, dass die Belastung mit Pestiziden die grolrdumigen Trends in der biologischen
Vielfalt von Siilwassern beeinflusst. Eine prézisere 6kologische Risikobewertung (ORB) konnte dessen
Schutzwirkung erhéhen und damit die Wahrscheinlichkeit unannehmbarer Auswirkungen auf die Umwelt
verringern. Die europdische ORB vernachlissigt derzeit mégliche Unterschiede in der Empfindlichkeit
der exponierten Okosysteme. Wenn sich die taxonomische Zusammensetzung von Lebensgemeinschaften
zwischen bestimmten Arten von Okosystemen systematisch unterscheidet, kénnte auch ihre Sensitivitt
gegeniiber Pestiziden unterschiedlich sein. In diesem Fall wire ein einziger gesetzlicher Schwellenwert

iiber- oder unterprotektiv.

In dieser Arbeit untersuchen wir, (1) ob sich die Zusammensetzung der Gemeinschaften von Makroin-
vertebraten, Diatomeen, Fischen und aquatischen Makrophyten systematisch zwischen den Typen eines
europdischen Flusstypologiesystems unterscheidet und (2) ob diese taxonomischen Unterschiede zu einer
unterschiedlichen Sensitivitit gegeniiber Pestiziden fithren. Wihrend fiir Europa eine Auswahl von Okore-
gionen verfiigbar ist, gibt es auf dieser rdumlichen Ebene nur ein einziges Typologiesystem, das einzelne

Flussabschnitte klassifiziert - die Broad River Types (BRT).

In den ersten beiden Artikeln dieser Arbeit haben wir umfangreiche Datenbanken iiber das Vorkommen
von Makroinvertebraten (Artikel 1), Diatomeen, Fischen und aquatischen Makrophyten (Artikel 2) in ganz
Europa zusammengestellt und aufbereitet, um zu bewerten, ob die Lebensgemeinschaften innerhalb der
BRT-Typen &hnlicher sind als zwischen ihnen. Dariiber hinaus haben wir die Leistung der BRT mit der

verschiedener Okoregionssysteme verglichen. Zur Bewertung der Leistungen haben wir mehrere Tests

13
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durchgefiihrt, von denen zwei neu entwickelt wurden. Fiir die meisten Taxa erreichte kein Typologiesys-
tem allgmeine Qualitdtsschwellen fiir die bewerteten Metriken. Dennoch gab es deutliche Leistungsun-
terschiede zwischen den einzelnen Typologiesystemen und Taxa, wobei die BRT haufig am schlechtesten
abschnitten. Wir zeigen, dass aktuell verfiigbare, europaweite SiiBwassertypologiesysteme sind nicht gut
geeginet um Unterschiede in Lebensgemeinschaften abzubilden und zeigen verschiedene Moglichekiten zur

Verbesserung auf.

In der dritten Studie untersuchten wir, ob es 6kologisch relevante Unterschiede in der Empfindlichkeit
zwischen verschiedenen BRT Typen gibt. Zu diesem Zweck haben wir die Empfindlichkeit von Makroin-
vertebratengemeinschaften in ganz Europa gegeniiber Atrazin, Kupfer und Imidacloprid mit Hilfe eines
hierarchical Species Sensitivity Distribution Modells vorhergesagt. Die vorhergesagten Sensitivititen der
Gemeinschaften unterschieden sich nur geringfiigig zwischen den BRT-Typen. Der grof3te Unterschied zwis-
chen den Mediansensitivitdten der Flusstypen lag bei einem Faktor von 2,6, was sowohl weit unter dem fiir
solche Modelle vorgeschlagenen Bewertungsfaktor (6) als auch dem Variationsfaktor liegt, der iiblicher-
weise zwischen Toxizitatstests desselben Taxon-Chemikalienpaares beobachtet wird (7,5 fiir Kupfer). Un-
sere Ergebnisse unterstiitzen nicht daher nicht, dass eine typ-spezifische ORB die Genauigkeit der Konezn-
trationsschwellenwerte verbessern konnte. Neben der taxonomischen Zusammensetzung konnten jedoch
auch die Bioverfiigbarkeit von Chemikalien, die Interaktion mit anderen Stressoren und die Empfindlichkeit

einer bestimmten Art zwischen den Flusstypen variieren.



CHAPTER 1

Introduction

Research Aims

We are experiencing a rapid decline in biodiversity, most dramatically in freshwater ecosystems. Pesticide
pollution likely contributes to this loss. One of the most effective mechanisms to reduce the burden of
pesticide pollution is improving the mandatory pesticide risk assessment each compound undergoes before
entering the market. However, current risk assessment fails to protect populations of non-target taxa. Its
precision and protectiveness might be improved if it explicitly considered the type of exposed ecosystem. If
the taxonomic composition of assemblages differs systematically among ecosystem types, so might assem-
blage sensitivity to pesticides. In that case, using a single regulatory accepted concentration across broad
scales (e.g., Europe) would be imprecise, resulting in over- and underprotection. Therefore, we tested
whether taxonomic assemblage compositions of aquatic macroinvertebrates, diatoms, fishes, and aquatic
macrophytes and assemblage sensitivities of aquatic macroinvertebrates differed systematically among Eu-

ropean river types.
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16 CHAPTER 1. INTRODUCTION

Paper I: Assemblage composition Paper II: Assemblage composition ~ Paper III: Assemblage sensi-
of macroinvertebrates of diatoms, fish, and macrophytes tivity of macroinvertebrates
among Broad River Types among Broad River Types among Broad River Types

Figure 1.1: Overview of studies the thesis reports on. This thesis consists of three research papers. The
first paper evaluates the similarity of macroinvertebrate assemblages within and among the Broad River
Types. The second paper does the same for assemblages of diatoms, fishes, and aquatic macrophytes. The
third paper evaluates whether the assemblage sensitivity of macroinvertebrates to three pesticides differs
between these river types.
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1.1 The freshwater biodiversity crisis

Freshwater ecosystems harbor an immense diversity of organisms and are crucial to human flourishing and
survival. Within only ~ 0.8% of the globe’s surface area, rivers, lakes, and wetlands are home to 10%
of all described animal species and contribute even more to the diversity of vertebrates (20 %) and fishes
(40%) (Balian, 2008). Relative to their area, fresh waters are the most species-rich realm, surpassing
terrestrial or marine ecosystems (Romdn-Palacios, Moraga-Lépez & Wiens, 2022). Partly by dint of this
richness, they provide clean drinking water (JRC et al., 2015; B-Béres et al., 2023; Thomaz, 2023), as
well as subsistence and income to millions of people globally (Welcomme et al., 2010; FAO, 2014; Lynch
et al., 2016). They are pivotal for transport, energy generation, recreation, and irrigation (Gleick, 2003;
IPBES, 2019). These services are estimated to be worth $US,,, 28.5 trillion, approximately 38 % of all
non-marine ecosystem services (Costanza et al., 2014). This number omits all non-material, spiritual, or
religious valuations of fresh waters that elude precise quantification (Loreau, 2014; Choné, 2017; Diaz et al.,
2020). However, the capacity of fresh waters to provide these services is endangered by our interventions
in their hydromorphology, ecology, and chemistry (Hooper et al., 2005; Cardinale, 2011; Grizzetti et al.,
2019; Leenhardt et al., 2023).

Due to human actions, global biodiversity is steeply declining (Pereira et al., 2010; Ceballos, Ehrlich &
Dirzo, 2017; Cowie, Bouchet & Fontaine, 2022), especially in freshwater systems. The Living Planet Index
(LPID) indicates an 84 % decline in the abundance of monitored freshwater vertebrate populations around
the globe between 1970 and 2016 (Almond, Grooten & Petersen, 2020). The validity of the LPI has been
questioned (Leung et al., 2020; Buschke et al., 2021; Puurtinen, Elo & Kotiaho, 2022; Talis & Lynch, 2023),
but it seems to be robust to at least some of the proposed changes (Almond et al., 2020). Populations
of megafauna (> 30kg) even declined by 88%. Fish populations in this size category declined by 94 %
(He et al., 2019). Almost a third of freshwater species globally face the threat of extinction (Collen et al.,
2014). While ecosystems in all realms experience heightened extinction rates (Pimm et al., 2014; Pereira
et al., 2020; Ceballos, Ehrlich & Raven, 2020), biodiversity in freshwater ecosystems decreases faster than

in terrestrial or marine ones (Ricciardi & Rasmussen, 1999; Collen et al., 2014; Almond et al., 2020).

These consistent global trends mask a considerable amount of local variation. Trends vary between differ-
ent river types (Powell et al., 2022) and ecoregions (Pilotto et al., 2020) but also within similar ecosystems
(Galewski et al., 2011). Indeed, several studies have reported increasing invertebrate species richness in
freshwater systems in Germany (Baker et al., 2021; Manfrin et al., 2023), the United Kingdom (Vaughan
& Gotelli, 2019; Powell et al., 2022; Pharaoh et al., 2023), France (Tison-Rosebery et al., 2022), Switzer-
land (Gebert et al., 2022), Europe (Pilotto et al., 2020; Haase et al., 2023), the United States of America
(Rumschlag et al., 2023), and at the global scale (van Klink et al., 2022). These findings might indicate the

success of protection and restoration schemes (Haase et al., 2023), but they are no unconditional endorse-
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ment for the current state of affairs.

Positive trends in species richness can result from geographic biases or shifted baselines if time series are
too short (Gonzalez et al., 2016). Some studies concentrate on sites with limited human impact (e.g., Pi-
lotto et al., 2020) or specific river types (Manfrin et al., 2023). On further inspection, these trends often
show diverging patterns between functional and taxonomic groups (Gebert et al., 2022; Powell et al., 2022;
Rumschlag et al., 2023; Manfrin et al., 2023) or cessation of positive trends (Haase et al., 2023). Sensi-
tive taxa, like ephemeropterans, plecopterans, and trichopterans, are often displaced by more tolerant taxa
(Baker et al., 2021) or native taxa by alien and invasive ones (Haase et al., 2023). Lastly, there might be
a considerable and unrealized extinction debt (Tilman & Lehman, 1994; Kuussaari et al., 2009), as extinc-
tions are typically not immediate when environmental conditions shift outside of a species’ niche. Models
suggest that species richness increases temporarily in constantly changing environments as colonizations

outpace extinctions (Kuczynski, Ontiveros & Hillebrand, 2023).

Given the alarming rate of human-caused freshwater biodiversity decline, concerted policy and action are
urgently needed (Darwall et al., 2018; Harrison et al., 2018; Tickner et al., 2020; Albert et al., 2021; van
Rees et al., 2021; Arthington, 2021; Maasri et al., 2021a). Despite their ecological, economic, and cultural
importance, freshwater ecosystems are underrepresented in conservation efforts, research, and funding
(Darwall et al., 2011; Mazor et al., 2018; Tydecks et al., 2018). Nonetheless, we know the factors that
drive the observed declines (Dudgeon et al., 2006; Strayer & Dudgeon, 2010; Vorésmarty et al., 2010; Reid
et al., 2019; Jaureguiberry et al., 2022).

1.2 Drivers of the Freshwater Biodiversity Decline

A multitude of drivers have contributed to the current decline of freshwater biodiversity. We can divide them
into hydromorphological alterations, species invasions, and pollution. The hydromorphology of a river de-
termines the availability of habitats and the interaction between different parts of the riverine landscape.
Interactions between the main stem, the flood plain, and the hyporheic zone are vital to biological commu-
nities (Junk, Bayley & Sparks, 1989; Schiemer et al., 2001) but require connectivity between the parts. In
rivers monitored for the European Water Framework Directive (WFD), hydromorphological alterations are
the most common stressor in reports from the second river basin management plans (RBMP), occurring in
34% of rivers (EEA, 2021). Grill et al. (2019) estimate that humans critically impact two-thirds of very long
rivers (> 1000km) along the longitudinal, latitudinal, vertical, or temporal direction. However, Grill et al.
(2019) also show that 95% of short rivers (10 — 100km) remain free-flowing. However, small barriers are
sufficient to impact longitudinal connectivity (Fencl et al., 2015) and are more common than most broad-

scale databases report (Jones et al., 2019; Belletti et al., 2020). Further, 60 % of all rivers globally cease to
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flow for at least one day per year on a multi-year average (Messager et al., 2021). Economic development
and climate change will likely increase the proportion (Alcamo, Florke & Marker, 2007; Jaeger, Olden &
Pelland, 2014; Pumo et al., 2016; Zipper et al., 2021). Small rivers are more likely to run episodically dry
than larger rivers and are thus more strongly affected by these developments (Benstead & Leigh, 2012).
Together, these factors suggest that Grill et al. (2019) overestimate the connectivity of small rivers and that

these systems suffer from reduced connectivity and altered flow regimes.

Non-native species overcome natural dispersal barriers through human intervention (Russell & Blackburn,
2017). The subset of non-native species that causes substantial negative impacts on the recipient ecosystem
is called invasive species. Their effects depend on the invasive species’ identity and the recipient ecosystem’s
properties. The direct impacts can be species-specific, as in the case of the signal crayfish Pacifastacus
leniusculus, which was introduced to Europe from North America and acted as a vector for the crayfish
plague agent Aphanomyces astaci (Unestam, 1969; Unestam & Weiss, 1970). European crayfish infected
with A. astaci have high mortality, while P leniusculus is mostly tolerant (Unestam & Weiss, 1970). Hence,
A. astaci only affects European crayfish species directly. However, their demise entails ecosystem-wide
effects (Matthews & Reynolds, 1992). Two examples of invasive species that directly impact the whole
ecosystem are the water hyacinth Eichhornia crassipes, which builds dense mats of interlocking leaves on
the water surface, thereby lowering phytoplankton productivity and oxygen saturation (Rommens et al.,
2003; Mangas-Ramirez & Elias-Gutiérrez, 2004; Perna & Burrows, 2005) and the quagga mussel Dreissena
rostriformis bugensis, which is now the primary regulator of phosphorus cycling in the lower four Great
Laurentian lakes (Li et al., 2021). More generally, invasions decrease f3-diversity between regions and
contribute to taxonomic homogenization (Rahel, 2000; Petsch, 2016). Such homogenization can propagate
through food webs (e.g., Beisner, Ives & Carpenter, 2003; Douda et al., 2013), increase population and
community synchrony (Olden et al., 2004), and reduce community stability (Erés et al., 2020; Wang et al.,
2021; Walter et al., 2021). Management and damage costs of invasive species are estimated to lie at $US
26.8 billion per year on a multi-year average between 1970 and 2017 (Diagne et al., 2021). A more recent
analysis estimates the global costs in 2019 were $US 423 billion and qualifies this estimate as “likely a gross
underestimation” (IPBES, 2023). The costs and number of invasive species are predicted to increase in the

future (Seebens et al., 2021; Diagne et al., 2021; IPBES, 2023).

Pollution is the introduction of harmful or undesirable substances or energy into a medium. In fresh waters,
pollution typically refers to the introduction of chemicals. While other forms of pollution (heat, light, or
noise pollution, Reid et al., 2019; Jagerbrand & Spoelstra, 2023) garner increased interest, this thesis
focuses on chemical pollution. Chemical pollution has been recognized as one of the primary drivers of
global biodiversity decline (Diaz et al., 2020) and is widespread in Europe (Malaj et al., 2014), where it is a
limiting factor for the ecological state of water bodies (Posthuma et al., 2020). The increases in production

and diversification of synthetic chemicals outpace most other agents of global change (Bernhardt, Rosi &
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Gessner, 2017). The reduction of pollution is enshrined in political frameworks like the Aichi Biodiversity
Targets (Target 8), Sustainable Development Goals (e.g., SDG 3 and 6, UN, 2015), and multiple parts
of the European Green Deal (Farm to Fork Strategy (EC, 2020a), Biodiversity Strategy, (EC, 2020b), and
zero pollution action plan (EC, 2020c)) and encompasses four of ten key challenges for European water
management identified by EEA (2021). After air pollution, water pollution has the highest burden of disease

among all forms of pollution, with an estimated 1.8 million deaths per year (Landrigan et al., 2018).

There are two types of water pollution: point source and diffuse. Point source pollution has a distinct
spatio-temporal entry pathway and mainly stems from wastewater treatment plants (WWTPs) for indus-
trial, urban, and mining wastewater (EEA et al., 2018). According to the second RBMB 15% of surface
water bodies are affected by point source pollution (EEA, 2021). Point source pollution is relatively easy
to mitigate, as we can identify distinct entry pathways and responsible stakeholders. Relevant regulations
(e.g., the Urban Wastewater Treatment Directive (EC, 1991), the Industrial Emissions Directive (EC, 2010),
and the European Pollutant Release and Transfer Register (EC, 2006)) have successfully reduced this pol-
lution pathway (EEA, 2018; Haase et al., 2023). While the overall pollution from WWTPs seems to be
declining, the focus is shifting toward those chemicals current WWTPs cannot remove: pharmaceuticals,
personal care products, and microplastics (Margot et al., 2015), collectively known as novel entities, mi-
cropollutants, or emerging contaminants. Their combined impact in WWTP effluents has been evaluated
in numerous studies showing reductions in species richness and in the occurrence of sensitive taxa (Ortiz
& Puig, 2007; Peschke et al., 2014; Berger et al., 2017; Peschke et al., 2019; Enns et al., 2023). In a global
study, pharmaceutical concentrations exceeded risk thresholds in 25.7 % of sites (Wilkinson et al., 2022).
We might expect ecological effects at even more sites due to additive mixture effects and chronic effects
at below-threshold concentrations (e.g., Cleuvers, 2003, 2004). In Europe, pharmaceuticals are the most
often detected group of chemicals, occurring in 58.3 % of routine water monitoring samples (Wolfram et
al., 2021) and in more than 90% of samples from four European river basins (Von Der Ohe et al., 2011).
Despite their commonly low concentrations, pharmaceuticals affect community composition (Bacsi et al.,
2016), reproduction (Jobling et al., 2002), genetic diversity (Hamilton et al., 2016), ecosystem function
(Richmond et al., 2016), and phenology (Richmond et al., 2016; Richmond et al., 2019). Given the rapid
growth in production and diversification of novel entities (Bernhardt et al., 2017) and the relative scarcity
of toxicity data, Persson et al. (2022) argue that we have left the safe operating space for novel entities.
While pesticides can dominate the toxic effects exerted by WWTP effluents (Munz et al., 2017), WWTP
effluents are not the dominant entry pathways for pesticides. Those are rather diffuse pathways, such as

run-off, leaching, and spray drift (e.g., Le et al., 2017).

Diffuse source pollution is more difficult to regulate since interventions must address many decentralized
emission sources. Diffuse pollution affects 33 % of surface water bodies, according to the second RBMP

(EEA, 2021). This pollution is attributable to agrochemicals at two-thirds of affected sites (EEA, 2021).
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Wolfram et al. (2021) found that pesticides exceed risk thresholds in 32.4% of waterbodies and cause
85 % of threshold exceedances by organic chemicals in Europe. While these data suggest that pesticides
frequently occur in freshwater bodies at ecologically relevant concentrations, they likely underestimate the
true broad-scale risk. The estimates of EEA (2021) and Wolfram et al. (2021) build upon WFD monitoring
data. The routine monitoring of the WFD considers priority substances and, locally, river-basin-specific
pollutants. The list of priority substances originally encompassed 45 substances (20 pesticides) and was
recently expanded by another 47 compounds (EC, 2022). Hence, most pesticides are not monitored under
the WED (Weisner et al., 2022). The selection of chemicals is inadequate to capture risk through chemicals
and has recently been described as arbitrary (Brack et al., 2017). The recent fitness check of the WED

identified insufficient monitoring as one of the WFD’s most significant weaknesses (EC, 2019a, 2022).

Further, WFD monitoring fails to capture the actual risk for the monitored chemicals, as it uses grab samples
and neglects mixture toxicity and small water bodies. Grab samples are taken irrespective of conditions and
underestimate the peak concentrations of temporally highly variable chemicals, such as pesticides, by sev-
eral orders of magnitude (Xing et al., 2013). Weisner et al. (2022) showed that using event-driven passive
samplers and extending the spectrum of analyzed chemicals increased the fraction of sites with threshold
exceedances from 35 % to 85 %. Chemicals typically occur in mixtures (Gillom et al., 1999; Schreiner et al.,
2016; Neale et al., 2020; Liess et al., 2021), and considering each substance individually or only a subset
of the chemicals can underestimate toxicity (Moschet et al., 2014; Posthuma et al., 2020; Weisner et al.,
2021). Lastly, most member countries only consider waterbodies with a catchment size >10km? in their
monitoring (Kristensen & Globevnik, 2014), which is likely less than half of all waterbodies (Horton, 1945;
Hughes, Kaufmann & Weber, 2011; Kristensen & Globevnik, 2014). Several studies demonstrate the high
risk pesticide exposure poses to small water bodies (Stehle & Schulz, 2015b; Szocs et al., 2017; Betz-Koch
et al., 2023). A recent country-wide monitoring study of small streams in Germany found that at least one
regulatory threshold exceedance of pesticides in 81 % of streams and pesticide toxic pressure explained
more variation in macroinvertebrate community composition than all other explanatory variables (Liess et

al., 2021).

Hence, pesticide pollution at ecologically relevant concentrations likely occurs in more than a quarter of
European water bodies. Field studies have repeatedly shown the adverse effects of pesticides at environ-
mentally relevant concentrations on species’ abundance (Schéfer et al., 2012; Bereswill, Streloke & Schulz,
2013), ecosystem functions (Schéfer et al., 2007; Schéfer et al., 2012; Miinze et al., 2017), species richness
(Liess & von der Ohe, 2005), and the occurrence of sensitive taxa (Liess & von der Ohe, 2005; Schéfer et al.,
2007; Schifer et al., 2012; Bereswill et al., 2013; Miinze et al., 2017; Liess et al., 2021). Notably, several
studies have observed adverse effects at concentrations below thresholds deemed safe (e.g., Schifer et al.,
2007; Schaéfer et al., 2012), further pointing to the fact that the estimates above, which use such thresh-

olds, likely underestimate the true extent of pesticide pollution. Van Dijk, Van Staalduinen & Van der Sluijs
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(2013) further corroborate these findings by showing a significant relationship between macroinvertebrate

abundances and the concentration of neonicotinoids in Dutch monitoring data.

1.3 Pesticides as agents of global change

Pesticides likely play an essential role in the observed declines of freshwater biodiversity. Broad-scale studies
linking chemical pollution in general or pesticides more specifically to the current decline in biodiversity
are scarce (Groh et al., 2022; Sigmund et al., 2023; Sylvester et al., 2023), particularly with regards to
its predicted impacts (Mazor et al., 2018). The absence of broad-scale emission and exposure data (but
see Pistocchi et al., 2023) and a spatio-temporal mismatch between biological and chemical monitoring
(Schulz et al., in preparation) impede such studies. Meanwhile, despite ongoing efforts (e.g., Guichard
et al., 2017), pesticide sales, measured environmental concentration, and the risk posed to biodiversity
have remained stable or increased over the last ten years (EEA, 2021; Schulz et al., 2021; Wolfram et al.,
2021; EEA, 2023; Bub et al., 2023). While the harmonized risk indicators (HRI1 and 2) developed by
the European Environmental Agency and implemented in an amendment to the sustainable use directive
(EC, 2019b) indicate a slightly declining risk over the last few years, the European Court of Auditors (ECA,
2020) and the German Environmental Agency (Bar et al., 2022) have criticized these metrics as they use

arbitrary weightings and do not consider measured environmental concentrations.

1.3.1 How can we reduce the impact of pesticides on biodiversity?

Reducing chemical pollution is one of the most pressing problems in freshwater conservation (Harper et
al., 2021). While the political will to do so has been reaffirmed again through the Green New Deal (e.g.,
EC, 2020c), the risk has not receded considerably in the recent past. Meaningful efforts must not stop
at reducing the use of and risk through current pesticides but must prevent new risks and regrettable
substitutions through improved mechanisms of assessment and authorization (Blum et al., 2019; Schifer
et al., 2019; Siviter & Muth, 2020). The prospective environmental risk assessment (ERA) of pesticides
currently used in the European Union has been repeatedly criticized (e.g., SAPEA, 2018; Schiffer et al.,
2018; Schéfer et al., 2019; Sousa et al., 2022). Common points of contention are its focus on substance-by-
substance evaluations, which neglects mixture toxicity (e.g., Backhaus & Faust, 2012; Bopp et al., 2019), the
absence of retrospective monitoring and validation of laboratory results with field data or demonstration
farm networks (Milner & Boyd, 2017; Schéfer et al., 2019), and the neglect of landscape-scale effects
such as source-sink dynamics or ecological traps (Topping et al., 2015; Hale & Swearer, 2016). These
shortcomings result in exceedances of predicted environmental concentrations (Szdcs et al., 2017; Liess et

al., 2021) and ecological effects at ostensibly safe concentrations (Liess & von der Ohe, 2005; Schéfer et
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al., 2007; Schéfer et al., 2012; Beketov et al., 2013). In short, the current ERA practices are not protective

of freshwater biodiversity.

One of the conceptual problems of ERA is the prohibitively large number of compounds and potentially
affected species. Based on ethical grounds as well as monetary and time constraints, testing all combinations
of species and chemicals is impossible. Therefore, we need to resort to models in vivo (model organisms),
in silico (computer model predicting sensitivities), and in vitro (bioassays). All models are reductionist,
representing a complex reality with a simpler substitute. Reductions require general patterns that allow
us to map the former on the latter and vice versa. Therefore, it is of great interest for ERA to identify
general patterns (spatial, taxonomical, functional) in the sensitivity of organisms toward pesticides. One
such pattern could be the spatial arrangement of assemblage sensitivities. Are assemblages, i.e., populations
that co-occur in space and time, typical for some places or types of ecosystems, systematically more or less
sensitive toward specific chemicals, modes of action, or compound classes than in other places? If so, we
might improve ERA by identifying the relevant ecosystem types and their typical assemblages, selecting
representative test organisms or assemblages for mesocosms, and deriving bespoke exposure estimates and

effect thresholds.

Beyond the applied interest in this question, it corresponds to one of the shortfalls of biodiversity knowl-
edge: the Hutchinsonian shortfall (Cardoso et al., 2011; Hortal et al., 2015). The Hutchinsonian Shortfall
describes our ignorance of species tolerances to abiotic conditions. In its original definition by Cardoso et
al. (2011), this shortfall corresponded only to the scenopoetic variables (the Grinellian niche sensu Soberén
(2007)), i.e., environmental conditions that are not impacted by other organisms. However, including an-
thropogenic or anthropologically modified variables in its definition is helpful, as they often restrict realized
niches (Vitousek et al., 1997; Albert et al., 2023; Sigmund et al., 2023). Accurate estimates of a species’
niche help us anticipate how that species might react to environmental changes and what management
actions to take (Peterson et al., 2011; Guisan, Thuiller & Zimmermann, 2017). They are also required to
understand patterns in abundance and occurrence (Elith & Leathwick, 2009; Slatyer, Hirst & Sexton, 2013;
Murphy & Smith, 2021). Estimating niches typically involves a mix of estimates based on physiological
considerations, performance curves along gradients, and occurrence data (Peterson et al., 2011). While
species distribution models extensively use the latter (e.g., Ovaskainen & Abrego, 2020; Pichler & Hartig,
2021; Adde et al., 2023), we rely on the former two to infer tolerance to pesticides, as no natural gradients

in chemical pollution exist, and establishing them would be unethical.

Only a few studies have searched for broad-scale patterns in assemblage pesticide sensitivity. Most broad-
scale ecotoxicological studies assess the prevalence of threshold exceedances without explicitly considering
differences in the exposed assemblages (e.g., Malaj et al., 2014; Morrissey et al., 2015; Stehle & Schulz,

2015a). A notable exception is Van den Berg et al. (2020), who compared the predicted relative sensitiv-
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ity of typical and observed macroinvertebrate assemblages among European ecoregions (Illies’ Freshwater
Ecoregions, Illies, 1978) and among British river types (super groups in Davy-Bowker et al., 2008). They
found considerable differences in the occurrence of sensitive macroinvertebrate taxa among the ecoregions
and river types, though the magnitude of these differences varied between the pesticides’ modes of action.
Their analysis has multiple drawbacks. The analysis of ecoregions compared lists of typical species deter-
mined by expert knowledge rather than observational data (Illies, 1978). Thus, these results rely on the
initial validity, i.e., representativeness, of the species lists, the biological validity of the ecoregions, and the
assumption that these lists still correspond to the existing ecological communities over 40 years after their
compilation. The comparison of British river types only covers the area of the United Kingdom, a single
ecoregion. It is not at a broad scale in this context. Lastly, the metric they use to quantify and compare
sensitivities relies on a dichotomization of a relative sensitivity metric (mode-specific sensitivity, Rubach,
Baird & Van den Brink, 2010), which depends on the included taxa and their taxonomic resolution. Maltby
et al. (2005) constructed species sensitivity distributions for 16 insecticides with species from the Nearctic
and Palaearctic regions and found no significant differences between the derived hazard concentration five
values (HCs), i.e., the concentration that would affect five percent of taxa. The spatial scale considered
in their study is broader than relevant for any single risk assessment scheme, and data availability rather
than representativeness drove the selection of test species. Field studies conducted in different regions
typically find minor differences between the sensitivities of assemblages from different ecoregions (e.g.,
Schifer et al., 2007; Schéfer et al., 2012). Biggs et al. (2007) found considerable variation in sensitivity
among different kinds of water bodies (i.e., rivers, ponds, ditches, streams) within a region but did not
evaluate differences among different types within these kinds (e.g., lowland rivers and highland rivers).
Together, these studies do not conclusively suggest the existence nor the absence of broad-scale patterns in

sensitivity.

Instead of studies on sensitivity, we can consider related properties of the species and their distribution in
space. Multiple studies have shown that functional traits, such as voltinism, body size, and feeding mode,
can partly explain the interspecific variation in sensitivity (Rubach et al., 2010; Rico & Van den Brink, 2015;
Van den Berg et al., 2019), especially when considered in trait profile groups (Piliere et al., 2016), and when
complemented with phylogenetic or taxonomic information (Guénard et al., 2014; Poteat, Jacobus & Buch-
walter, 2015; Malaj et al., 2016). Thus, spatial patterns in the functional trait composition of ecological
communities can inform our expectations about spatial patterns in sensitivity. Multiple studies have con-
sidered such patterns and have generally found a dominance of fine-scale over broad-scale variation (e.g.,
Statzner et al., 2001; Bonada, Dolédec & Statzner, 2007; Dolédec & Statzner, 2008). The functional compo-
sition of biological assemblages tends to vary more strongly between river types within regions than among
the regions. We might, therefore, expect that sensitivity to pesticides also varies at a small spatial scale,

which would be in line with the observed differences among British river types (Van den Berg et al., 2020)
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or kinds of water bodies (Biggs et al., 2007) and the absence of such differences between the Nearctic and
the Paleartic (Maltby et al., 2005).

1.4 The unit of comparison: ecosystem types

The studies discussed above compare discrete representations of ecosystems or space. They study ecore-
gions, river types, kinds of water bodies, and biogeographic realms (Figure 1.2). An alternative approach
would have been to examine assemblage sensitivities along continuous gradients in, for example, elevation,
temperature, or space. Discrete classes are appealing as they integrate multiple variables simultaneously
and are assumed to capture breaks in diverse biotic and abiotic properties. This conception might be accu-
rate for biogeographic boundaries, such as the Wallace line, which separates Asian and Australian faunas
(Wallace, 1863; Rueda, Rodriguez & Hawkins, 2013). However, such rigid boundaries are less common at
finer spatial scales, i.e., within biogeographic realms. Even if they do not represent the ground truth, they
can be valuable instruments to identify patterns and implement policy. The following section will shortly
introduce the idea behind classification, which underpins this thesis, discuss the role of classification in

ecology and limnology, and lastly, identify and present an appropriate classification for our purpose.

Figure 1.2: Example of a discrete classification of an area. Each colored subarea represents a distinct type.

1.4.1 Classification: A primer

Classification arranges objects into classes based on the properties of these objects. We commonly encounter

the term typology system for ecosystems instead of classification or classification system (e.g., Verdonschot
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& Nijboer, 2004; Harrison & Whitfield, 2006; Powell et al., 2022). Following Hoehne (1980), we define a
typology system as a partitioning of objects into types based on multiple properties of these objects instead
of just one. It is synonymous with the term polythetic classification. Further, following Sokal (1974), the
term typology system denotes the final set of types, classification consists of defining types, and identification
is the assignment of objects to types. Using multiple variables prevents the essentialist fallacy, i.e., the notion
that the objects in any of our types hold some intrinsic essence that is necessary and sufficient to render
them instances of one type (Sokal, 1974; Marradi, 1990). Here, no specific values of any variables must be
sufficient or necessary to assign an object to any type. Therefore, the discussed types are nominal, human
constructs defined for a given purpose rather than natural, representing true ontological groupings (Mill,
1856). Even in the classifications of natural properties, the selection of properties is artificial; hence, the
types are (Cohen & Nagel, 1993). Further, each object can represent its type to different degrees (Rosch,
1978; Smith & Medin, 1981). Later, this perspective will allow us to consider approaches using fuzzy
or possibilistic set theory (Zadeh, 1965; Zadeh, 1978), in which objects are part of multiple types. Such
typology systems are uncommon in ecology (but see Feoli, 2018; Jena et al., 2022; Lusiana, 2023) and will
only be addressed in the outlook. Until then, the term typology system always refers to crisp classification

systems with non-overlapping types.

Typology systems are models, purposeful representations of reality (Goodwin, 1999; Loveland & Merchant,
2004). Like all models, they are wrong - they do not directly and completely correspond to or depict
reality, but they can be useful (Box, 1976). Indeed, classification might be a fundamental feature of human
cognition - a prerequisite of language and understanding (Hegel, 1807; Sokal, 1974; Estes, 1994; Lakoff,
2008; Harnad, 2017). In employing a typology system, we assume that objects of one type behave in
the same or a similar way. At least, objects should be more similar to other objects of their type than to
objects of another. If this assumption holds, we can generalize from observations made on a set of objects
to others of the same type (Marradi, 1990). Hence, typology systems can facilitate generalization, which
is fundamental to all sciences (Riggs, 2013; Spake et al., 2022), a possible obstacle in the replication crisis
(Yarkoni, 2020), and, historically, a problem in ecology (e.g., Peters, 1991; Lawton, 1999; Vellend, 2016),
given a high degree of context-dependence (Catford et al., 2022; Liu & Gaines, 2022; Spake et al., 2023).

In ecology, typology systems are ubiquitous and range from classifications of functional traits into trait
syndromes (Sih et al., 2004; Meyer et al., 2022), species into life forms (Raunkiaer, 1905), functional
feeding groups (Clausen, 1940), or archetypes (Dunstan, Foster & Darnell, 2011); ecological assemblages
into associations (Humboldt & Bonplan, 1807); and ecosystems into ecosystem types (e.g., Wallace, 1876;
Wasson et al., 2007; Lyche Solheim et al., 2019) or successional stages (Clements, 1916; Odum, 1969). The
concept of associations from plant sociology (reviewed in Whittaker, 1962) nicely portrays the valuable role
that these systems can play in theory generation. It motivated the works of Clements (1916) and, in turn,

Tansley (1935), which resulted in the now central concept of ecosystems.
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1.4.2 Typology systems in limnology

The typology systems we are concerned with here are aquatic typology systems (ATS). Though ATS can en-
compass all kinds of water bodies, we only consider rivers. Here, river refers to all lotic water bodies rather
than a specific size class (Czuba & Allen, 2023), and hence, ATS are typology systems that group lotic water
bodies into nominal types. Such ATS have a long history in limnology. Melles, Jones & Schmidt (2012) con-
sider the cyclic theory of Davis (1899) to be the foundation of the modern ATS. Davis (1899) proposed the
temporal succession of rivers through degrees of maturity towards a stable base grade. Before Clements
(1916) popularized the idea of temporal ecological succession, Shelford (1911) identified a spatial suc-
cession of fish communities along the courses of rivers. This finding started a wave of longitudinal river
zonations based on the community composition of fishes (e.g., Thienemann, 1912; Steinmann, Siegrist &
Gams, 1915; Carpenter, 1928; Huet, 1954, 1959; Illies, 1961; McGarvey & Hughes, 2008). Later, limnol-
ogists developed ATS based on hydrogeomorphic factors. Leopold & Wolman (1957) divided rivers into
braided, meandering, and straight, while Kellerhals, Church & Bray (1976) devised types based on channel
patterns, islands, channel bars, and major bedforms. Rosgen (1994) identified river types that differ in
the number of channel threads, the entrenchment ratio, the width-depth ratio, and sinuosity. Following
the seminal work of Hynes (1975), the role of the catchments surrounding the rivers received more focus.
Subsequently, researchers tried to adapt terrestrial ecosystem typology systems to represent the catchment’s

impact on rivers (e.g., Lotspeich & Platts, 1982; Omernik, 1987; Wasson et al., 2007)

With the advent of computer-based classification, the number of ATS notably increased (Sokal, 1974; Melles
et al., 2012). The number of currently available ATS is too high to recount or mention them all explicitly.
A review included 81 ATS (Melles et al., 2013), and notable systems are continuously published (e.g.,
Ouellet Dallaire et al., 2019; McManamay & DeRolph, 2019; Lyche Solheim et al., 2019). We can group
ATS into place-independent, regional, and mixed (Figure 1.3)(Melles, Jones & Schmidt, 2014). Place-
independent approaches classify river reaches or segments based on selected properties without considering
their spatial position or optimizing for spatial contiguity. Regional approaches classify large continuous
regions. Catchments, basins, or political borders can determine their boundaries (e.g., Economou et al.,
2004; Abell et al., 2008). Mixed approaches combine place-independent and regional approaches. They
are often hierarchical, having multiple nested levels. The higher levels are usually regional, and the lower

levels are place-independent within the spatial constraints of their region (e.g., Seelbach, 2006).

1.4.3 Using Aquatic Typology Systems

First and foremost, ATS are designed for ecosystem management (Melles et al., 2013). They are applied

there to plan water quality monitoring or designate protected areas. They help to determine what types
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Figure 1.3: Three types of typology systems: (A) place-independent, (B) region-based, and (C) mixed.

of ecosystems need more protection (Mackey et al., 1988), what a desired ecosystem state after successful
restoration or protection should be (Vynne et al., 2022), and more generally, they can help to implement
type-specific protection or management goals (Keith et al., 2015; Bordt & Saner, 2019). The distribution
of sites in networks of protected areas is, therefore, often influenced by ATS, for example, in the Ramsar
Convention (Ramsar Convention on Wetlands, 2018) and the Natura 2000 network (Evans, 2012). Differ-
ent stressors afflict different river types (Leitner et al., 2021), and the responses of the local biota to the
same stressor can differ between them (Alahuhta et al., 2017; Pajunen, Kahlert & Soininen, 2020; Denison
et al., 2021). Therefore, managers must consider the recipient ecosystem type when planning preventative
or restorative measures. The limited niche conservatism of aquatic organisms further makes it necessary
to calibrate and validate biotic indices for different ecosystem types (e.g., Szoszkiewicz et al., 2019). Un-
der the assumption that relatively stable equilibrium states exist, typology systems can delineate areas or
systems with similar stable states. Historically, this has been used to anticipate the composition of climax
communities, which were assumed to be uniform within climatic regions (Clements, 1916; Phillips, 1934).
More recently, this idea has formed the bedrock of water quality assessment within the WFD. In the WFD,
quality assessments use the concept of reference conditions, i.e., a hypothetical state (biological, chemical,
hydromorphological) a river is assumed to be in, barring human intervention (Reynoldson et al., 1997).
As pristine states vary between rivers, a single set of reference conditions would be overly simplistic, but
because we usually lack data on a river’s past and pristine state, we need to refer to similar rivers that still
are in such a state. Similar is defined as belonging to the same river type, and all rivers of the same type
have the same set of reference conditions. Determining reference conditions with river types is an instance
of space-for-time substitution, i.e., inferring a temporal trend at single sites from contemporary observa-

tions of spatially distinct sites (Pickett, 1989). While the approach makes strong and potentially unrealistic
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assumptions (Damgaard, 2019), it is often the only way to estimate past or least impacted states on a broad
spatial scale and in a standardized manner. Therefore, further management or study approaches that use

space-for-time substitution can benefit from typology systems.

Outside the management context, researchers stratify sampling and analyses with typology systems. Studies
might try to sample only one or a predetermined selection of types (e.g., Manfrin et al., 2023) or to sample
all types equally or proportionally to their prevalence. Many broad-scale studies stratify their analyses by
ecosystem type to identify diverging trends (Pilotto et al., 2020; Posthuma et al., 2020; Lemm et al., 2021;
Powell et al., 2022; Schiirings et al., 2022; Bogota-Gregory et al., 2023).

1.4.4 The Broad River Types

To analyze spatial variation in assemblage pesticide sensitivity, we required an ATS covering Europe whose
types capture patterns in biotic community composition. For our purposes, we consider place-independent
ATS as superior to regional ATS. The former can integrate rivers’ dendritic and directed network structure
(Benda et al., 2004; Campbell Grant, Lowe & Fagan, 2007; Melles et al., 2014), and their fine spatial scale
will be required to capture spatial patterns in sensitivity if fine-scale variation in sensitivity exceeds broad-
scale variation, as we argued before. Most place-independent ATS cover comparatively small areas, such
as federal- or nation-states (e.g., Mandrak, 1999; Snelder & Biggs, 2002; Briem, 2003; Seelbach, 2006),
or are global but have a low resolution (Rosgen, 1994; Ouellet Dallaire et al., 2019). The WFD stimulated
a proliferation of national ATS in Europe, requiring member states to devise ATS for the determination of
reference conditions (EC, 2000). The WFD is implemented separately by each member state, and while
guidance existed (Annex II, EC, 2000), the national ATS differ markedly between member states (Lyche
Solheim et al., 2019). While Italy uses 367 classes, Lithuania has five. Lyche Solheim et al. (2019) har-
monized these disparate ATS into the Broad River Types (BRT). They identified the most common type
descriptors and mapped each national type to one of 20 broad types. These types differentiate between
catchment size, bedrock geology, altitude, region (Mediterranean or non-Mediterranean), and flow regime
(only in the Mediterranean region). Eight rare types were aggregated with the respectively most similar
type, leaving twelve broad types. The BRT are the first and currently only pan-European place-independent
ATS. Despite the region variable, we categorize the BRT as place-independent rather than mixed because
of the simplistic nature of this regionalization (Mediterranean vs. non-Mediterranean). The fast adaptation
of the BRT by the research community might be taken as a sign of the high interest in or need for such a
system (e.g., Borgwardt et al., 2019; Poikane et al., 2019; Birk et al., 2020; Posthuma et al., 2020; Gerke et
al., 2021; Leitner et al., 2021; Lemm et al., 2021; Biittner et al., 2022).

Each classification should be designed for a specific purpose (Loveland & Merchant, 2004; Soranno et al.,

2010; Melles et al., 2014). The BRT aim to summarize European water body status trends (Lyche Solheim
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et al., 2019). They were not primarily intended to capture patterns in the community composition of
different biota. However, since they are proposed as a new ATS for the European Nature Information System
(EUNIS) inland water typology system (Watson, Arts & Lyche Solheim, 2021), where this assumption is
crucial, it might be assumed to hold. Indeed, Lyche Solheim et al. implicitly made this assumption during
the construction of the BRT (Lyche-Solheim, personal communication), but never tested it formally. Our
intended application builds upon this assumption: if different broad river types do not contain different
assemblages, differences in sensitivity due to different assemblage compositions are less likely. Therefore,
we needed to evaluate the BRT for our purposes. Thus, the contents of the three following papers are
twofold: (i) evaluate whether assemblage composition differs between different broad river types, and (ii)

evaluate whether the pesticide sensitivity of assemblages differs between broad river types.

1.5 Conducted studies

The research presented in this thesis aims to advance our knowledge of the spatial distribution of assem-
blage sensitivities of macroinvertebrates towards pesticides at the European scale. Such insights are of
interest to basic and applied research, helping to narrow fundamental knowledge gaps (Hutchinsonian
Shortfall) and to improve the specificity of ecological risk assessment. The work is divided into three pa-
pers. The first two papers, Jupke et al. (2022) and Jupke et al. (2023), evaluate whether the BRT capture
compositional patterns in assemblages of macroinvertebrates, diatoms, fishes, and aquatic macrophytes. In
the third paper (Jupke et al., in preparation), we evaluated whether the assemblage sensitivity of macroin-
vertebrates to pesticides varies among the broad river types. To this end, we predict the concentration that
would be hazardous to 5% of taxa in a community (HCs) with a hierarchical Species Sensitivity Distribution

model.
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Abstract

Humans have severely altered freshwater ecosystems globally, causing a loss of biodiversity. Regulatory
frameworks, like the Water Framework Directive, have been developed to support actions that halt and
reverse this loss. These frameworks use typology systems that summarize freshwater ecosystems into envi-
ronmentally delineated types. Within types, ecosystems that are minimally impacted by human activities,
i.e., in reference conditions, are expected to be similar concerning physical, chemical, and biological char-
acteristics. This assumption is critical when water quality assessments rely on comparisons to type-specific
reference conditions. Lyche Solheim et al. (2019) developed a pan-European river typology system, the
Broad River Types, that unifies the national Water Framework Directive typology systems and is gaining
traction within the research community. However, it is unknown how similar biological communities are
within these individual Broad River Types. We used analysis of similarities and classification strength anal-
ysis to examine if the Broad River Types delineate distinct macroinvertebrate communities across Europe
and whether they outperform two ecoregional approaches: the European Biogeographical Regions and
Illies’ Freshwater Ecoregions. We determined indicator and typical taxa for the types of all three typol-
ogy systems and evaluated their distinctiveness. All three typology systems captured more variation in
macroinvertebrate communities than random combinations of sites. The results were similar among typol-
ogy systems, but the Broad River Types always performed worse than either the Biogeographic Regions or
Illies’ Freshwater Ecoregions. Despite reaching statistical significance, the statistics of analysis of similarity
and classification strength were low in all tests indicating substantial overlap among the macroinvertebrate
communities of different types. We conclude that the Broad River Types do not represent an improve-
ment upon existing freshwater typologies when used to delineate macroinvertebrate communities and we
propose future avenues for advancement: regionally constrained types, better recognition of intermittent

rivers, and consideration of biotic communities.
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2.1 Introduction

The European Water Framework Directive (WFD, EC, 2000) is intended to protect and restore freshwater
ecosystems in the European Union (EU). Within the WFD each water body is assigned an ecological status
class, spanning from high to bad status. The assignment is based on the deviation between the observed
conditions and the reference conditions, which are the conditions assumed to prevail under no or minimal
disturbance. Due to the large natural variation in physical, chemical, and biological conditions between
rivers, reference conditions vary between rivers and between different segments of the same river (Ver-
donschot, 2000). Typology systems are a method to accommodate this variability. The individual river
segments are assigned to river types based on selected abiotic conditions (Pennak, 1971; Melles et al.,
2014) The WEFD requires that type-specific reference conditions are defined for hydromorphological, physi-
cal, chemical, and biological variables, either using a spatially-based reference site network from each river
type, hindcasting (e.g., Launois et al., 2011), paleoecology (e.g., Andersen, Conley & Hedal, 2004), or ex-
pert judgment (e.g., Poikane et al., 2019). Typology systems commonly apply one of two spatial approaches
to allocate rivers to types: regional or segmental. Regional typology systems define large, spatially contigu-
ous areas as types, which are also known as ecoregions (e.g., Abell et al., 2008). This approach is typical
for terrestrial typology systems, for example, the Biogeographic Regions (EEA, 2016) are used within the
Habitats (92/43/EEC) and the Birds Directive (79/ 409/EEC 1979). When used for lotic freshwater sys-
tems, ecoregions fail to account for changes along a river’s course (Vannote et al., 1980) or its position
within the dendritic river network (Campbell Grant et al., 2007). Nonetheless, regional typology systems
have been proposed (Abell et al., 2008; Omernik & Griffith, 2014) and endorsed (e.g., Stoddard, 2004)
for freshwater systems. Within the WFD, Illies’ Freshwater Ecoregions (Illies, 1978) are used alongside
catchment size, altitude, and geology, as a minimum set of criteria to define segmental river types. Seg-
mental typology systems consider individual river segments, which commonly stretch between tributary
junctions or confluences. These typologies are more commonly used for freshwater systems since they can
account for longitudinal patterns and network position. Recent examples include a global typology system
(Ouellet Dallaire et al., 2019), one for the conterminous United States (McManamay & DeRolph, 2019),
and one for Europe (Lyche Solheim et al., 2019). To establish reliable biological reference conditions for
bioassessment, the variables used to define the types should also influence biotic community composition
(Verdonschot & Nijboer, 2004). When this is the case, the relative homogeneity of environmental variables,
such as climate, geology, and geomorphology, that exist within each type can engender correspondingly
homogeneous biocenoses. The degree to which any typology system meets this expectation can be evalu-
ated by comparing the similarity of biotic communities from the same type (within-type similarity) to that
of communities from different types (between-type similarity). For large-scale assessments of biodiversity

trends and anthropogenic pressures (henceforth biodiversity monitoring), a typology system is useful if the



34 CHAPTER 2. BIOLOGICAL VALIDITY FOR INVERTEBRATES

between-type similarity is low and exceeded by the within-type similarity. For bioassessment, however, the
within-type similarity must be high, irrespective of between-type similarity. If the within-type similarity is
low, no reliable type-specific conditions can be established and the type must be excluded from the status
assessment (EC, 2000). An evaluation of coherence between typology systems and biotic communities is
known as biological validation and is a necessary consideration in the construction of a typology system
(Melles et al., 2014). Biological validations that compare the variation of biological communities within
types to that among types and is common practice for national WFD typology systems (Lorenz, Feld & Her-
ing, 2004; Zahradkovd et al., 2005; Sanchez-Montoya et al., 2007; Aroviita et al., 2008; Chaves et al., 2011;
Lazaridou et al., 2013), but also regional typology systems (Feminella, 2000) and typology systems outside
of Europe (Hawkins et al., 2000; Pero et al., 2019; Ferronato et al., 2021). The national typology systems
used in the WFD vary widely among EU countries in the number of river types they discern (between 1
and 367) and the features that are used to define their types (Lyche Solheim et al., 2019). Lyche Solheim
et al. (2019) combined >$,$1000 national WFD river types into twelve Broad River Types in an attempt
to define a generic pan-European river typology system. The aim was to create a typology system that can
aggregate type-specific data on ecological status across Europe. Furthermore, the Broad River Types were
proposed and quickly adopted as a means for large scale assessments of nutrient thresholds (Poikane et
al., 2019; Nikolaidis et al., 2021) and anthropogenic stressors (Birk et al., 2020; Posthuma et al., 2020;
Lemm et al., 2021) and are currently being discussed as the basis of the revised European Nature Infor-
mation System freshwater classification (Watson et al., 2021). However, until now, the Broad River Types
have not been biologically validated. In this paper, we evaluated the biological validity of the Broad River
Types typology of European freshwater systems and thus whether they are appropriate for bioassessment
and biodiversity monitoring. To contextualize the results, we compared the results to those of two other
pan-European typology systems that are currently used within the EU legislature: The Biogeographic Re-
gions and Illies’ Freshwater Ecoregions. We evaluated the three typology systems by analyzing the within-
and between-type similarities of riverine macroinvertebrate communities and determining whether we can
derive distinct typical communities for the respective types. Specifically, we aim to answer four research
questions:

- Q1: Are the similarities among biotic communities within types higher than between types, thus enabling
biodiversity monitoring.

- Q2: Are the similarity among biotic communities within types sufficiently high to enable bioassessment?
- Q3: Are the segmental Broad River Types more appropriate for bioassessment and biodiversity monitoring
than the two regional typology systems considered here?

- Q4: Can distinct indicator taxa and typical communities be derived for the individual types?
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2.2 Methods

2.2.1 Typology Systems
2.2.1.1 Broad River Types

Lyche Solheim et al. (2019) derived 20 pan-European river types from the five descriptors catchment size,
altitude, geology, region, and flow. As some of the initial 20 types were rare or deemed redundant, they
aggregated them into 12 types (see Table 2.1). The first three descriptors are part of the System A approach
outlined in Annex II of the WFD and Lyche Solheim et al. (2019) largely followed the class thresholds
proposed there. While System A includes a region descriptor that recognizes 25 distinct regions throughout
Europe, the region descriptor used by Lyche Solheim et al. (2019) only separates the Mediterranean and
the rest of Europe. Flow is also treated as a binary variable (perennial or temporary/intermittent) and was
only applied to rivers in the Mediterranean region. A digital representation of the Broad River Types was

published by Globevnik (2019).
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Table 2.1: Codes and names of the twelve Broad River Types proposed
by Lyche Solheim et al. (2019). The sizes refer to catchment area:
very small-small <100 km2, mediumlarge 100-10.000 km2 and very
large >10.000 km2. Lowland denotes river segments <200 meters
above sea level (m.a.s.l.), mid-altitude 200-800 m.a.s.l. and highland
>1.000 m.a.s.l. The geologies describe the prevailing lithological or
pedological conditions in the catchments. Catchments are calcareous
or siliceous if the respective soil types or minerals cover >50 % of the
catchments area. If coverage is between 40 % and 50 % it is classified
as mixed. Catchments with >20 % of their area covered by histosols

are classified as organic.

Broad River Type Code Broad River Type Name

RT1

RT2

RT3

RT4

RT5

RT6

RT7

RTS8

RT9

RT10

RT11

RT12

Very large rivers

Lowland, calcareous or mixed, medium-large
Lowland, calcareous or mixed, very small-small
Lowland, siliceous incl. organic, medium-large
Lowland, siliceous incl. organic, very small-small
Mid-altitude, calcareous incl. organic, medium-large
Mid-altitude, calcareous or mixed, very small-small
Mid-altitude, siliceous incl. organic, medium-large
Mid-altitude, siliceous incl. organic, very small-small
Highland and glacial

Mediterranean, perennial

Mediterranean temporary and very small
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2.2.1.2 Biogeographic Regions

The Habitats Directive (92/43/EEC) references five biogeographic regions: Alpine, Atlantic, Continental,
Macaronesian, and Mediterranean. These regions were based on a map of European potential natural veg-
etation (Noirfalse, 1987). New regions were added as additional member countries joined the EU in 1995
(Arctic & Boreal regions) and 2004 (Anatolian, Black Sea, Pannonian & Steppic regions) (Evans, 2005).
Here we used the version available at https://www.eea.europa.eu/data-and-maps/data/ biogeographical-

regions-europe-3.

2.2.1.3 Illies’ Freshwater Ecoregions

The Limnofauna Europaea (Illies, 1978) is a comprehensive catalog of the European freshwater fauna.
As a means to describe biogeographic differences in species distributions, the author divided Europe into
25 regions following the distribution of 75 taxonomic groups but occasionally also geopolitical borders
(Economou et al., 2004). These regions captured altitude, climate, and geology indirectly (Logan & Furse,
2002). The ecoregions proposed in Annex XI of the WFD (EC, 2000) deviate slightly from the originally
proposed regions (Logan & Furse, 2002). Here we used the version also employed in the WFD and available

under https://www.eea.europa.eu/data-and-maps/data/ecoregions-for-rivers-and-lakes.

2.2.2 Macroinvertebrate data

To evaluate the three typologies, we compiled a database of macroinvertebrate samples from lotic fresh-
water systems (e.g., rivers, streams, and brooks) throughout Europe (Fig. 2.1). The database consisted of
21 datasets (Appendix, Table 6.1) and included 49.220 distinct sampling sites at which 163.114 samples
have been collected. All samples were obtained by fully or partially proportional multihabitat sampling
(Appendix, Table 6.1) similar to the AQEM/STAR sampling method (Consortium, 2003). Most samples
originate from regional or national biomonitoring campaigns. Despite extensive harmonization efforts,
sampling strategies for biomonitoring differ between European countries in terms of sampling effort, sam-
pling device, and habitat selection (Larras & Usseglio-Polatera, 2020). Even though differences between
years or streams are commonly larger than between sampling methods (Borisko et al., 2007; Brua, Culp &
Benoy, 2011), the differences can bias the samples. We undertook three steps to reduce this bias. First, we
removed samples from monitoring data sets that were taken before 2005. Many countries implemented the
AQEM/STAR sampling method in 2005, which is deemed to significantly reduce the differences between
data sets. Second, all comparisons were conducted at the family level. This was done to reduce differences

between sampling schemes (Brua et al., 2011) but also because the evaluation of similarities requires the
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same taxonomic resolution (Cao & Hawkins, 2011). The family level was the highest taxonomic resolu-
tion for which we could achieve broad spatial coverage. However, this taxonomic harmonization likely
increased the similarity between samples from the same as well as from different types (Vasconcelos, Melo
& Schwarzbold, 2013; Heino, 2014). A higher taxonomic resolution (i.e., genus- or species-level data)
could only reduce the similarities but not increase them, since members of the same family can be from
different genera or species but the same species cannot be part of multiple families. Lastly, we omitted
abundance information and transformed all data to presence-absence. This removed differences that arise
from different counting efforts or procedures and is common in analyses of data from different sampling
schemes (e.g., de Vries, Kraak & Verdonschot, 2020a). Finding a common transformation was necessary for
comparisons (Heino, 2008) and choosing presence-absence maximized the number of samples included. It
should be noted that this is not consistent with the requirements of the WFD, which requires abundance
data (EC, 2000) and several studies have found a considerable loss of information through the transforma-
tion from abundance to presence-absence (e.g., Melo, 2005; Marshall, Steward & Harch, 2006; Vasconcelos
et al., 2013). However, different streams (Melo, 2005) and catchments (Heino, 2014) could still be dis-
cerned with presence-absence data in previous studies. We conducted two analyses to evaluate the effect
of taxonomic and numeric resolutions on the similarities. First, we conducted Mantel tests (Mantel, 1967)
for all data sets. In data sets with most observations at the species level and abundance data, we compared
the distance matrices of (i) species-level abundance data to genus-level and family-level abundance data
as well as genus-level data to family-level abundance data, (ii) abundance to presence-absence at species,
genus and family levels and lastly (iii) species abundance to genus and family occurrences as well as genus
abundances to family occurrences. We used the Bray-Curtis distance to compute distance matrices for abun-
dance data and Jaccard for presence absence data. For a data set with data from three seasons with species
level abundances, we thus conducted 27 Mantel tests. In total, we ran 366 of 594 theoretically possible
tests, as many data sets did not have sufficient species-level data or only provided presence-absence data.
These tests indicated that little information was lost in the transformations to family level and presence-
absence. The distance matrices of different taxonomic levels or numerical resolutions were statistically
significantly correlated (p < 0.05 for 362 of 366 Mantel tests). A more detailed description of these re-
sults is presented in the supplementary materials (see Appendix, section 6.1.4). Second, we repeated the
main analyses described below for genus-level data with relative abundances. Like the Mantel tests, they
indicated only minor differences between the different resolutions (see Appendix, section 6.1.5). To avoid
seasonal trends from affecting the community compositions (Reece et al., 2001; Lorenz & Clarke, 2006;
Huttunen et al., 2022), we stratified the samples by season and conducted each analysis for each season
separately. We define spring as covering the months March to May, summer covering the months June to
August, and autumn covering the months September to November. We did not analyze winter samples

(December to February) as there were only few in the data set. Some of the sites were sampled repeatedly
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over the years. Samples from the same site and season are often very similar (Lorenz & Clarke, 2006;
Huttunen et al., 2022), so we only used the most recent sample from each site for every season. Remov-
ing samples from before 2005, samples taken in winter, and only using the most recent sample for each
site reduced the number of sites and samples to 39.252 (79.7 % remaining) and 56.894 (34.9 % remain-
ing), respectively. We used the Global Biodiversity Information Facility (www.gbif.org) to replace taxon
synonyms with accepted names and to assign a taxonomic level to each observation. We restricted obser-
vations to the invertebrate classes Insecta, Gastropoda, Bivalvia, Malacostraca, and Arachnida which were
observed in all data sets. Oligochaetes were observed in most data sets but rarely determined beyond the
class level and thus removed. Within these classes, we further reduced the data to the orders Trombidi-
formes, Megaloptera, Isopoda, Littorinimorpha, Odonata, Sphaeriida, Hemiptera, Amphipoda, Coleoptera,
Trichoptera, Diptera, Ephemeroptera, and Plecoptera. We included families that belong to the polyphyletic
taxon Pulmonata (i.e., Acroloxidae, Lymnaeidae, Physidae, Planorbidae) as well as the gastropod family
of Valvatidae. Lastly, we removed families that occurred in < 1% of samples. This was done separately
for each season. The final data set contained 95, 104, and 97 families for spring, summer, and autumn,

respectively.

spring summer autumn

07200 400 600 800 km 0200 400 600 800 km 07200 400 600 800 km
L. s i

Figure 2.1: The locations of macroinvertebrate sampling sites for each season. All sites shown are least
disturbed sites (see text), sampled after 2005, and could be assigned a Broad River Type (see text).

2.2.3 Selection of Sampling Sites

Broad River Types were assigned to macroinvertebrate samples digitally by matching each sampling site
with the next river reach in the digital representation of the Broad River Types (Globevnik, 2019). We
retained only sites that we could unambiguously assign to a specific river reach. All sites with a distance

>500m to the nearest river reach were omitted from further analyses. These sites were likely located at
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river reaches that were missing from the digital river network provided by Globevnik (2019). This occurs
with very small or intermittent rivers and in flat areas such as coastal plains, where the derivation of river
networks from digital elevation models is most error-prone. Removing sites with a distance > 500m to
the nearest river reach reduced the number of sites and samples to 25.334 (51.5 % remaining) and 36.694
(22.5% remaining), respectively. Anthropogenic stressors are suspected to harmonize communities (Petsch,
2016; but see Petsch et al., 2021) and might thus increase the similarity among communities of different
types. Therefore, we identified the least disturbed sites (sensu Stoddard et al., 2006) based on the pan-
European stressor database created by Lemm et al. (2021). The database contains information on seven
anthropogenic stressors (extent of urban and agricultural land use in the riparian zone, alteration of mean
annual flow and baseflow index, total phosphorus and nitrogen load, and mixture toxic pressure) for over

50.000 sub-catchment units across Europe. We scaled each variable:

,_ x;—min(x)
i

~ max(x)—min(x)

, Where xlf is the scaled variable, x; the unscaled variable, min(x) the minimum of the unscaled variable, and
max(x) the maximum of the unscaled variable. We considered all sub-catchment units as least disturbed
that had scores below 0.24 for all seven stressors. The rationale for a threshold of 0.24 as well as summary
statistics of least disturbed sites (Appendix, Table 6.2) are provided in the supplementary materials (see
Appendix, section 6.1.2). Only least disturbed sites were retained. Sampling sites that were located outside
the area covered by Lemm et al. (2021) were removed, except for data set 21 (Appendix, Table 6.1)
which only consisted of samples from least disturbed sites. The final selection included 6.965 sites (14.1%

remaining) and 9.976 samples (6.1 % remaining).

2.2.4 Evaluation of Typologies

We only included those types in the analyses, for which we had at least 15 samples from least disturbed sites
(Appendix, Fig. 6.3 and 6.4). Following this criterion, all twelve Broad River Types were covered with spring
and summer samples and only RT12 was omitted for autumn samples, four of eleven Biogeographic Regions
were covered for all seasons, and one for two seasons. We included ten of twenty-five Illies’ Freshwater
Ecoregions for all seasons, two for two seasons, and three for one season. After removing samples from
types that we did not analyze, 6890 sites and 9850 samples remained. The distribution of samples between

seasons and types is shown in Tables 6.3 to 6.5 (Appendix).

To answer the research questions Q1, Q2, and Q3 we computed and compared within- and between-type
similarity with two approaches: analysis of similarity (ANOSIM, Clarke, 1993) and classification strength

(CS, Van Sickle, 1997). ANOSIM computes a statistical parameter R to express the difference between the
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mean rank of between-type similarities to the mean rank of within-type similarities. An R value above 0.75
indicates a clear separation between groups, a value between 0.75 and 0.5 indicates a weaker separation
with overlapping groups, R values between 0.5 and 0.25 indicate weak separation, and values below 0.25
indicate no discernible separation (Clark & Gorley, 2001). By permuting the type membership between

samples 999 times, we computed pseudo-p-values.

2.2.5 Software

All computations were conducted in the R Statistical Environment v.4.0.3 (R Core Team, 2023). Data
were prepared using data.table 1.14.0 (Dowle & Srinivasan, 2023), tidyverse packages (Wickham et al.,
2019), taxize 0.9.98 (Chamberlain & Szdcs, 2013; Chamberlain et al., 2020) and parallelDist (Eckert,
2022). Geospatial analyses were conducted using sf (Pebesma, 2018). ANOSIMs were computed with the
vegan R package (Oksanen et al., 2022). The CS was computed with an R-function that is available as
supplementary material (Appendix, section 6.1.8). Indicator and typical communities were derived with
indicspecies (Caceres & Legendre, 2009). Figures and maps were created with ggplot2 (Wickham, 2016),
ggdist (Kay, 2023), colorspace (Zeileis et al., 2020), and tmap (Tennekes, 2018). All R scripts are available
in the github repository https://github.com/ JonJup/freshwater-typologies-mzb.

2.3 Results

All three typology systems delineated distinguishable biotic communities that were more similar within
than between types (for all ANOSIM and CS: p < 0.05; Fig. 2.2). However, within-type similarities were
often only marginally higher than between-type similarities (Appendix, Fig. 6.11). The difference was
most pronounced in Illies’ Freshwater Ecoregions (Ryyosiy = 0.27; CS = 0.08), followed by the Broad
River Types (Rayosiy = 0.19; CS = 0.05) and the Biogeographic Regions (Rayosiy = 0.07; CS = 0.03).
The performance varied across seasons. The Broad River Types were a better classification of the summer
samples than of the spring or autumn samples, and Illies’ Freshwater Ecoregions performed worse in spring

than in summer and autumn (Fig. 2.2).

The within-type similarity varied considerably between the Broad River types (Fig. 2.3). As a general trend,
we observed that mid- and high-altitude river types (RT6-10) have higher within-type similarity than low-

altitude river types (RT1-5). Similarities also varied across seasons but without a general pattern.

We were able to derive distinct indicator taxa and typical communities for the individual types of all three
typologies. On average, the indicator taxa were more indicative (higher mean IndVal) than those derived

from random site combinations (Fig. 2.4A) and the number of indicator taxa was larger (Fig. 2.4B). The
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Figure 2.2: Comparison of within-type and between-type. In both panels, larger values imply a larger
difference between within-type and between-type similarity and hence a better classification performance.
Y-axis and colors indicate the typology system: the Broad River Types (BRT), Biogeographic Regions (BGR),
and Illies’ Freshwater Ecoregions (IFE). The shapes indicate the season (circle = spring, square = summer,
and diamond = autumn). The vertical black lines are mean values across seasons. (A) Results of the
ANOSIM; (B) results of classification strength analysis.
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Figure 2.3: The within-type similarity of Broad River Types. Each boxplot summarizes the values for the
three seasons (except for RT12 where only spring and summer were analyzed). See Lyche Solheim et al.
(2019) or Table 2.1 for a description of the types.
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indicator families of Biogeographic Regions and Illies’ Freshwater had similar indication power (mean In-
dval (Indval = 0.49 for both). The indicator families of the Biogeographic regions were slightly more
indicative in spring and autumn whereas Illies’ Freshwater Ecoregions’ indicator families were more indica-
tive in summer. Indicator values for the Broad River Types were lower in every season (Indval = 0.38).
However, the number of families that were statistically significant indicators was consistently higher in the
Broad River Types than in the other two typology systems. For all three typology systems, the number of
indicators was highest in autumn. Lists of indicator taxa for each season and typology system are available

in the supplementary materials.
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Figure 2.4: Indicator taxa for the Broad River Types (BRT), the Biogeographic Regions (BGR), and Illies’
Freshwater Ecoregions (IFE). (A) Distribution of indicator values. Values can range between 0 and 1, where
1 indicates a perfect indicator taxon. The points within the density curves highlight the median, which is
also provided as a number. Three panels show the three different seasons (spring, summer, and autumn),
which are also highlighted by the symbol of the median. (B) The number of indicator families. Point shapes
indicate seasons and point colors the typology systems.

All typical communities were more distinct from each other than for random combinations of sites (p <
0.01). The typical communities did not show strong seasonal trends. The mean similarity was always lowest
in Illies’ Freshwater Ecoregions (mean similarity of 0.40), followed by the Broad River Types (0.48) and the
Biogeographic regions (0.50) (Fig. 2.5). Lists of the typical communities are available as supplementary

material (Appendix, section 6.1.7) and in Appendix Figures 6.12 to 6.14.

2.4 Discussion

2.4.1 Coherence of biological communities

The three pan-European freshwater typology systems considered here did delineate more distinguishable
biotic communities than random partitions of the samples. Within-type similarity always exceeded between-

type similarity, but only by a small margin. The between-type similarities of all typology systems indicate
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Figure 2.5: Jaccard similarities between typical communities for the Broad River Types (BRT), Biogeo-
graphic Regions (BGR), and Illies Freshwater Ecoregions (IFE). A similarity of 1 implies an identical com-
munity, while a similarity of 0 implies no shared taxa. The three horizontally ordered panels show different
seasons (spring, summer, and autumn). The n below the boxplots is the number of individual types in the
comparison.
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that two sites from different types are likely to share between a quarter and a third of the families from the
combined pool of families, while the other three-quarters to two-thirds of the families are unique to either
one of the sites. Since similarity values would likely decrease with an increase in taxonomic resolution
the number of shared genera and species would likely be lower. Our first research question (i.e., are the
Broad River Types fit for biodiversity monitoring?) can thus be confirmed. However, the second research
question (i.e., are the Broad River Types fit for bioassessment?) has to be negated. Due to the low within-
type similarity, the test statistics for ANOSIM and CS were far below the ordained thresholds. They were
in the low range of results obtained for national typology systems, which have ranged from 0.2 to 0.5 for
ANOSIM and 0.04 to 0.19 for CS (Hawkins et al., 2000; Marchant, Wells & Newall, 2000; Snelder et al.,
2004; Dodkins et al., 2005; Heino & Mykré, 2006; Sanchez-Montoya et al., 2007; Lazaridou et al., 2013;
Vasconcelos et al., 2013). Though Illies’ Freshwater Ecoregions compared more favorably to these previous
results, our results indicate a considerable overlap between the types of any of these typology systems
(Clark & Gorley, 2001). These low within-type similarities suggest that it is not reasonable to assume

similar communities in least disturbed sites at the type-scale.

Our third question was whether the Broad River Types are better suited for bioassessment and biodiversity
monitoring than Illies’ Freshwater Ecoregions or the Biogeographic Regions. Even though we regard all
typologies as suitable for biodiversity monitoring and none as suitable for bioassessment, there were no-
ticeable differences between them. In a direct comparison, the Broad River Types performed better (higher
CS and ANOSIM R) than the Biogeographic Regions but both performed considerably worse than Illies’
Freshwater Ecoregions. Therefore, we also negate the third research question. We were able to derive
indicator taxa and typical communities for all three typologies and can thus confirm our fourth research
question. There were more indicator taxa with higher mean indicator values for river typologies than those
of random site combinations. The indicator values were generally in line with previous studies (Bonada et
al., 2006; Heino & Mykrd, 2006; Sanchez-Montoya et al., 2007; Banks, Li & Herlihy, 2007). The typical
communities were less similar than would be expected by chance, indicating a change in the most common

families among types.

A remarkable result was the high within-type similarity of mid- and high-altitude Broad River Types. The
distinct nature of these rivers was also observed by Moog et al. (2004) and it is in line with the identi-
fication of high-altitude areas as one of the three large bioregions in Europe (Verdonschot, 2006a). The
harshness of these environments (strong seasonality, high flow velocity, steep slopes) can increase the im-
portance of dispersal for community assembly (Datry et al., 2016) and thus increase similarity among sites
(Lu, Vasseur & Jetz, 2019a; Thompson et al., 2020; but see Lu, 2021). The lowest within-type similarities
were observed for very large rivers (RT1). Their mean within-type similarity was lower than the mean
between-type similarity. The biotic communities of very large rivers (catchment area > 10.000km?) are

affected by multiple interacting stressors that were not explicitly considered in our identification of least dis-
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turbed sites. These include, among others, alien species (Arbaciauskas et al., 2008), navigation (Liebmann
& Reichenbach-Klinke, 1967; Gabel et al., 2011), and climate change (Caissie, 2006). Altered hydromor-
phology, an important stressor in very large rivers (Urbanic, 2014), is implicitly considered through the
variables urban and agricultural land use as well as alteration of mean annual flow and the base flow in-
dex. Explicit information on hydromorphological alterations would be preferable, but, to our knowledge,
is lacking at the pan-European scale. The magnitude of these stressors differs markedly between regions
(Leitner et al., 2021) and can override regional differences leading to less indicative communities (Fittkau
& Reiss, 1983), which is a possible explanation for the low similarity between the different samples from

very large rivers.

We generally caution against interpreting any seasonal patterns in the results. The data were seasonally
stratified to avoid a decrease in within or between-type similarity due to seasonal dynamics. However, as
not all sampling sites are present in all three seasons the observed patterns could be due to temporal or
spatial variation. Most importantly, the main findings of this study do not change qualitatively between

seasons.

2.4.2 Data constraints

Due to the taxonomic resolution of the initial data sets and the varying sampling approaches, we conducted
all analyses at the family level. Analyses at the genus or species level would have included more taxa, which
means more discriminating entities and thus potentially more distinct assemblages. In the analysis of Moog
et al. (2004), higher taxonomic resolution led to more distinct ecoregions. Similarly, Verdonschot (2006b)
showed that a small improvement in classification strength was noticeable between ‘best-available’ (mostly
species and genus) and family-level data on a pan-European scale. This improvement is plausible since
responses to environmental conditions are determined by traits, which are captured most accurately at
detailed (species or individual) taxonomic resolution (Poff, 1997; Wong & Carmona, 2021). At the same
time, community composition is influenced by non-environmental factors like biotic interactions, dispersal,
and stochasticity (Leibold et al., 2004). If responses of congeneric species are more similar to each other
than to those of more distantly related species (e.g., Hynes, 1975; Marchant, Barmuta & Chessman, 1995),
using genus- or family-level data might reduce this “noise” (Bowman & Bailey, 1997). However, the degree
to which species niches are determined at the family level likely depends on the degree to which speciation
within the family was sympatric or allopatric (Cranston, 1990; Dolédec, Chessel & Gimaret-Carpentier,
2000). Hawkins et al. (2000) note that across taxa groups and typologies, a higher taxonomic resolution
can occasionally even reduce classification strength. This notion is supported by our genus-level analyses
and Mantel tests (Appendix, Fig. 6.5) and by many studies showing that differences between differently

resolved data sets are usually small (e.g., Furse et al., 1984; Rutt, Weatherley & Ormerod, 1990; Bowman
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& Bailey, 1997; Waite et al., 2004; Melo, 2005; Feio, Reynoldson & Graca, 2006; Heino & Soininen, 2007;
Heino, 2008; Godoy et al., 2019). Yet, some studies also find contrasting patterns, suggesting that higher
taxonomic resolution confers significantly more information (e.g., Heino, 2014). Marchant et al. (1995)
propose that the necessary degree of taxonomic resolution decreases with increasing spatial scale, with
family-level data being sufficient for analyses that cover multiple catchments. This concurs with Moog et

al. (2004), and if correct, would mean that family-level data is sufficient for our analysis.

The second measure we took to reduce the variation introduced by the varying sampling strategies was
the transformation to presence-absence. Several studies have demonstrated that results can differ between
presence-absence and abundance data (e.g., Thorne, Williams & Cao, 1999; Melo, 2005; Marshall et al.,
2006; Heino, 2008; Vasconcelos et al., 2013). In comparison to abundance data, binary data put less
weight on highly abundant taxa and more on rare ones, placing equal weight on each taxon, instead of
each individual. The focus of the analysis thus moves from changes in relative abundances to changes
in occurrences, which likely is the more important component of variation at the large spatial scales we
considered in this study (Anderson et al., 2005). How large the difference between presence-absence
and abundance data is, thus likely depends on the spatial scale of the study. All of the above studies
have considered smaller spatial scales (often the catchment scale) and might therefore overestimate the
deviation for the spatial scale of the present study. This is in line with the finding that different basins can
be differentiated with family-level presence-absence data (Heino, 2014). In conclusion, using species-level
and abundance data would likely affect our results. To which degree cannot conclusively be determined
until such data becomes available but given the arguments above and the results of the Mantel tests as well

as the genus-level analysis, we are confident that our conclusions would hold.

2.4.3 Next steps for freshwater typologies

We showed that currently available pan-European typology systems require improvements when they are
used to define bioceonotic reference conditions. This is not a fault in their construction, as they were not
primarily derived for this purpose. However, we believe they might serve as a starting point for typology
systems that can be used to this end. Hence, we propose three modifications that might improve the Broad
River Types’ capacity to delineate coherent and distinct biotic communities. First, the combination of re-
gional and segmental typology systems would likely improve the typologies fit to large-scale ecological pat-
terns. Regional and segmental systems capture important but distinct scales of variation: variation among
large geographic areas and longitudinal changes along the river’s course, respectively. When combined,
regions spatially constrain river types. Instances of the same Broad River Type are thousands of kilometers
apart. At such large spatial scales, dispersal limitation is a crucial determinant of community composition

(Tonkin et al., 2018). If species cannot reach favorable sites, due to historical or anthropogenic dispersal
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barriers (Leibold, Economo & Peres-Neto, 2010; Belletti et al., 2020) or due to the sheer distance between
sites, within-type similarity decreases. Such spatial structuring of benthic macroinvertebrate communities
has already been observed at smaller spatial scales (e.g. , Mykrd, Heino & Muotka, 2007; Astorga et al.,
2012), indicating the potential benefit of spatially constrained types. The WFD System A typology system
includes such a spatial constraint through the ecoregion descriptor. The Broad River Types, however, only
differentiate between Mediterranean and non-Mediterranean regions. Including more elaborate regional
descriptors such as Illies’ Freshwater Ecoregions, the Hydroecoregions (Wasson et al., 2007), the Biogeo-
graphic Regions, the Freshwater Ecoregions of the World (Abell et al., 2008), or the Environmental Zones
of Europe (Metzger et al., 2012), would spatially constrain types and hence help to integrate dispersal lim-
itations into the typology system. Problems can arise for rivers that run along or across ecoregion borders
(Lazaridou et al., 2013) and using all types that result from such a combination produces too many types

to be useful. Therefore, ways to optimally aggregate the combined types should be derived in future work.

Second, intermittent rivers and ephemeral streams (IRES) are common throughout Europe (Datry, Larned &
Tockner, 2014; Stubbington et al., 2017; Messager et al., 2021) and their prevalence is projected to increase
with climate change (Jaeger et al., 2014). Intermittent flow regimes increase the importance of dispersal
and network connectivity (Cid et al., 2020), reduce the importance of species sorting, and hence decrease
the utility of purely environmental typology systems. The Broad River Types do not adequately account for
this distinct and widespread river type by only recognizing them in the Mediterranean type. Simultaneously,
they fail to capture the diversity of rivers in the Mediterranean region by aggregating them into two river
types. The disregard for IRES mirrors the general lack of recognition for very small rivers (catchment size
< 10 km?) in the WFD (Stubbington et al., 2018) and their public undervaluation (Armstrong et al., 2012).
This omission of very small rivers also neglects springbrooks, which are often distinct from nearby rhithral

streams (Barquin & Death, 2006; Lusardi et al., 2016).

Third, while the Broad River Types are based solely on environmental attributes, biological communities
can also be used as classification criteria. Doing so could help to better represent biological interactions, dis-
persal, and small-scale environmental variations (de Vries et al., 2020a). de Vries et al. (2020a) argue for
purely biological classifications, Hill et al. (2020) review numerous methods to combine biological and en-
vironmental features to this end. Among them, there are joint species distribution models (e.g., Ovaskainen
& Abrego, 2020; Pichler & Hartig, 2021), generalized dissimilarity models (Ferrier et al., 2007), and re-
gions of common profile (Foster et al., 2013). A drawback of including biotic features is their vicissitude.
Classification criteria should be near immutable including by human action (e.g., altitude and bedrock ge-
ology), which is not true of biological communities. Particularly in western Europe, reference communities
are often lacking and would need to be replaced by least disturbed (Stoddard et al., 2006) or modeled

communities (e.g., Wright, Furse & Moss, 1998).
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An alternative approach for pan-European biodiversity monitoring and bioassessment is the estimation of
reference conditions with predictive models that use variable environmental attributes as inputs. These
models are also trained with data from minimally-disturbed reference sites, but they estimate the expected
value of an index or e.g., the occurrence probability of taxa for a site instead of a type. Deviations from
predicted occurrences are interpreted as a sign of deterioration, as in typology-based assessments. Current
iterations are restricted nationally, e.g., RIVPACS (Wright et al., 1998) to the United Kingdom and MEDPACS
(Poquet et al., 2009) to Spain, or a lake profundal index in Finland (Jyvésjérvi, Aroviita & Hamaél&inen,
2014). Regionalizations have been shown to increase the performance of site-specific models at large
spatial scales (Yuan, Hawkins & Sickle, 2008), however, ecoregions or segmental types are likely better
delimiters than political borders. As model evaluations at the European scale are lacking for invertebrates,
see Pont, Hugueny & Rogers (2007) for a model with fishes, optimizing typology systems to structure

predictive modeling presents a further promising research topic for freshwater typology systems.

2.4.4 Conclusion

We evaluated three pan-European freshwater typology systems as classifications of riverine macroinverte-
brate communities. All three performed better than random combinations of sites. However, the analyses
also highlighted large overlaps between biocenoses of the river types. While between-type similarity was
low enough for biodiversity monitoring, the within-type similarity was too small to support the use of
pan-European typologies for bioassessment. A next step will be to evaluate the Broad River Types with
additional taxonomic groups (e.g., macrophytes, fishes, and diatoms) to see if our findings generalize or

pertain solely to benthic invertebrates.
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Abstract

Typology systems are frequently used in applied and fundamental ecology and are relevant for environmen-
tal monitoring and conservation. They aggregate ecosystems into discrete types based on biotic and abiotic
variables, assuming that ecosystems of the same type are more alike than ecosystems of different types with
regard to a specific property of interest. We evaluated whether this assumption is met by the Broad River
Types (BRT), a recently proposed European river typology system, that classifies river segments based on
abiotic variables, when it is used to group biological communities. We compiled data on the community
composition of diatoms, fishes, and aquatic macrophytes throughout Europe and evaluated whether the
composition is more similar in site groups with the same river type than in site groups of different river
types using analysis of similarities, classification strength, typical species analysis, and the area under zeta
diversity decline curves. We compared the performance of the BRT with those of four region-based typol-
ogy systems, namely, Illies Freshwater Ecoregions, the Biogeographic Regions, the Freshwater Ecoregions
of the World, and the Environmental Zones, as well as spatial autocorrelation (SA) classifications. All ty-
pology systems received low scores from most evaluation methods, relative to predefined thresholds and
the SA classifications. The BRT often scored lowest of all typology systems. Within each typology system,
community composition overlapped considerably between site groups defined by the types of the systems.
The overlap tended to be the lowest for fishes and between Illies Freshwater Ecoregions. In conclusion, we
found that existing broad-scale river typology systems fail to delineate site groups with distinct and com-
positionally homogeneous communities of diatoms, fishes, and macrophytes. A way to improve the fit be-
tween typology systems and biological communities might be to combine segment-based and region-based
typology systems to simultaneously account for local environmental variation and historical distribution

patterns, thus potentially improving the utility of broad-scale typology systems for freshwater biota.
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3.1 Introduction

Ecologists use typology systems to assign ecosystems to discrete types (Stoddard, 2004; Soranno et al.,
2010). The degree to which real-world ecosystems are discrete entities or artificial divisions of a continuous
gradient is an ongoing debate (Eliot, 2011; Liautaud et al., 2019), but the utility of typology systems is less
contentious (Leathwick et al., 2011; Ebach, 2021). They are used in water quality monitoring to delineate
ecosystems with similar natural conditions (Reynoldson et al., 1997). Conservationists use them to identify
areas with high species richness or endemism (Heiner et al., 2011; Oliveira, Brescovit & Santos, 2015), to
identify ecosystem types that merit increased protection efforts (Mackey et al., 1988), or to describe desired
ecosystem states (Vynne et al., 2022). In broad-scale analyses, ecosystem typologies provide spatial units
for the comparison of community trait composition (Iversen et al., 2019) or temporal trends in species

abundance (Powell et al., 2022).

Typology systems are models (Goodwin, 1999; Loveland & Merchant, 2004) that represent their subjects
as members of discrete groups (types). In ecosystem typology systems, ecosystems are the subject and they
are grouped according to their biotic and abiotic conditions. One simple, illustrative example is grouping
rivers by the mean altitude of their catchment into lowland, mid-altitude, and highland rivers. Another
example is grouping river segments longitudinally by the fish species that commonly occur in them, into
the trout, grayling, barbel, and bream zones (Huet, 1949). Regarding each individual ecosystem as an
instance of its type allows us to draw inferences and make predictions under a set of assumptions. An
important assumption is that ecosystems of the same type are more similar to each other than to ecosystems
of different types, with respect to a specific property of interest. Each typology system is optimized for one
property (e.g., delineating homogeneous communities of mammals) and might fail to delineate meaningful

patterns in other properties (e.g., background nitrogen concentration) (Loveland & Merchant, 2004).

Ecologists commonly use ecosystem typologies to delineate ecosystems with similar biological communities.
These typology systems usually define contiguous areas (regions) as mapping units and are focused on
terrestrial ecosystems. Region-based typologies are appropriate for terrestrial (Olson et al., 2001) and
marine ecosystems (Spalding et al., 2007), as both lack inherent geometry. However, river ecosystems are
dendritic networks (Benda et al., 2004; Campbell Grant et al., 2007) and change from headwater to mouth
(Vannote et al., 1980; Herlihy, Hughes & Gerth, 2021). Region-based typologies can’t account for these

factors, but segment-based river typologies that classify confluence to confluence sections of rivers can.

Segment-based river typologies have been proposed at national (Snelder et al., 2004) and global levels
(Ouellet Dallaire et al., 2019), but until recently we lacked a unified European system. Lyche Solheim et
al. (2019) filled this gap with the Broad River Types (BRT), which aggregate the disparate river typology
systems created by participating countries of the European Water Framework Directive (WFD) into twelve

broad types. The demand for such a typology system was demonstrated by a quick adoption from the
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research community (e.g., Birk et al., 2020; Posthuma et al., 2020; Lemm et al., 2021). The BRT were
created to aggregate and compare information on environmental state and relevant pressures acting on the
rivers (Lyche Solheim et al., 2019). As noted above, the usefulness of ecosystem typologies hinges on the
assumption that ecosystems of the same type are more similar than ecosystems of different types. For the
BRT, this crucial assumption remains largely unchecked for biological communities. Jupke et al. (2022)
showed that patterns in the composition of benthic macroinvertebrate communities are not well captured
by the BRT. The concordance between ecosystem typologies and biological communities differs between
taxonomic groups (Paavola et al., 2003; Infante et al., 2009; Ficetola et al., 2021), and should therefore be

evaluated for multiple taxonomic groups.

Diatoms, fishes, and aquatic macrophytes are each commonly used to monitor the status of freshwater sys-
tems (Aguiar, Feio & Ferreira, 2011; Masouras et al., 2021; Pont et al., 2021). They are complementary in
the stressors they identify (Johnson et al., 2006; Hering et al., 2006; Cellamare et al., 2012; Marzin et al.,
2012), partly as they represent an ecosystem’s state at different trophic levels and spatio-temporal scales
(Lainé, Morin & Tison-Rosebery, 2014). Diatoms have short generation times (days to weeks), disperse
via passive drift in water or air (e.g., Liu et al., 2013) and attached to animals (Maguire, 1963; Manning
et al., 2021). Their community composition reflects the current environmental conditions (water conduc-
tivity, pH, nutrients, organic pollution). Fishes are long-lived and mobile. Their community composition
represents the state of a riverscape (temperature, connectivity, and hydromorphology) over larger spatio-
temporal scales (Hoeinghaus, Winemiller & Birnbaum, 2007). Macrophytes are also long-lived but, due
to their mostly sessile nature, respond most strongly to environmental conditions (water chemistry, light
availability, substrate) in their direct vicinity (Alahuhta et al., 2014), and hence integrate environmental

fluctuations over long temporal but fine spatial scales.

Here, we aim to evaluate the fit between the BRT and the community composition of diatoms, fish, and
aquatic macrophytes. We evaluated the coherence between community composition and the BRT with anal-
ysis of similarities, classification strength, typical species analyses, zeta diversity analyses. To contextualize
the BRT’s performance, we compared it to those of four region-based typology systems (Illies Freshwater
Ecoregions (IFE, Illies, 1978), Biogeographic Regions (BGR, Evans, 2005)), Freshwater Ecoregions of the
World (FEoW, Abell et al., 2008), and Environmental Zones (EnZ, Metzger et al., 2005)), and to spatial
autocorrelation (SA) classifications. The SA classifications are naive typology systems, consisting of sim-
ple geometric forms spread over Europe (Fig. 3.1). We aim to answer two questions: (Q1) Do the site
groups delineated by the BRT host communities of diatoms, fish, and macrophytes whose composition is
more similar within than among types? (Q2) Are the BRT a better classification of diatom, fish, and aquatic

macrophyte communities, with regard to their composition, than the four region-based approaches?
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Figure 3.1: Hexagonal spatial autocorrelation (SA) classification with 15 cells. Each cell is a separate type.
The SA classification is a naive approach to classification capturing spatial autocorrelation but uninformed
by ecologically relevant variables.

3.2 Methods

3.2.1 The Typology Systems

The BRT reduce the number of national WFD river types (1247) to a workable set, which can be used to
compare water body status data across Europe (Lyche Solheim et al., 2019). National types were combined
based on altitude, catchment size, geology, region, and flow regime. Rare types were merged with the most
similar type. The final BRT categorize 12 river types, as detailed in Table 3.1. We utilized the digital version
of the BRT published by Globevnik (2019).
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Table 3.1: Codes and names of the twelve Broad River Types pro-
posed by Lyche Solheim et al. (2019). The sizes refer to catchment
area: very small-small <100 km2, mediumlarge 100-10.000 km2 and
very large >10.000 km2. Lowland denotes river segments <200 m
above sea level (m.a.s.l.), mid-altitude 200-800 m.a.s.l. and high-
land >800 m.a.s.l. The geologies describe the prevailing lithological or
pedological conditions in the catchments. Catchments are calcareous
or siliceous if the respective soil types or minerals cover >50 % of the
catchments area. If coverage is between 40 % and 50 % it is classified
as mixed. Catchments with >20 % of their area covered by histosols
are classified as organic. Mediterranean rivers are treated separately.

For them the flow regime (perennial/temporary) is considered addi-

tionally.
ID Name
RT1 Very large rivers
RT2 Lowland, calcareous or mixed, medium-large
RT3 Lowland, calcareous or mixed, very small-small
RT4 Lowland, siliceous incl. organic, medium-large
RT5 Lowland, siliceous incl. organic, very small-small
RT6 Mid-altitude, calcareous incl. organic, medium-large
RT7 Mid-altitude, calcareous or mixed, very small-small
RTS8 Mid-altitude, siliceous incl. organic, medium-large
RT9 Mid-altitude, siliceous incl. organic, very small-small
RT10 Highland and glacial
RT11 Mediterranean, perennial
RT12 Mediterranean temporary and very small
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The typology systems we used as reference points are shortly introduced below (for details and maps Ap-
pendix, Section 6.2.1). All reference typologies are region-based typologies as no other segment-based
typologies are available for all of Europe. IFE divide between 25 regions based on the distribution of
macroinvertebrate fauna, the BGR partition Europe into 12 regions based on their potential natural vege-
tation, the FEoW are a global system that classifies catchments based on their fish faunas, and the EnZ are

12 zones derived from principal component analysis of 22 environmental variables.

We created classifications that capture the spatial autocorrelation inherent in community composition data
but are otherwise uninformed by biogeographic transition zones. These spatial autocorrelation (SA) clas-
sifications were created by laying regular, grids over Europe (Fig. 3.1), where each grid cell represents one
type. We created four grids differing in cell size and form. The first SA classification has 15 hexagonal cells
(Fig. 3.1), the second 36 hexagonal cells, the third 12 square cells, and the fourth 33 square cells. We chose
15 types as this approximately matches the average number of types from the other typology systems. The
results of the four SA classifications agreed qualitatively and hence only the results of the 15 cell hexagonal
classification are shown in the results section. Maps of and results for the additional SA classifications are

provided in the supplementary information.

3.2.2 Data preparation

We compiled 21, 23, and 25 datasets for diatoms, fish, and macrophytes, respectively (Fig. 3.2) and Ap-
pendix, Tables 6.6 to 6.8). All sampling was conducted according to EU norms (EN 13946, EN 14407, and
EN 15708 for diatoms, EN 14011 for fishes, and EN 14184 for macrophytes). We harmonized the datasets
by transforming all data to presence-absence. This harmonization was necessary because abundance in-
formation was included in different formats or missing in the original datasets. However, analyses of the
community structure (i.e., using abundance data) might come to different conclusions (Mueller, Pander
& Geist, 2013) than ours. The samples were taken between 2000 and 2021, 1986 and 2021, and 2006
and 2021 for diatoms, fishes, and macrophytes respectively. The composition of communities has likely
changed during these periods (Tison-Rosebery et al., 2022) which might bias our results as within-type
similarity is decreased by temporal fluctuations. However, the magnitude of this bias is small and it is un-
likely to change our results quantitatively (see Appendix, section 6.2.3 for analysis). We reduced the effect
of seasonal variations in community composition (e.g., Aberle & Wiltshire, 2006) by only including sam-
ples taken in summer. We use a broad definition of summer (May to September) to account for latitudinal
differences in seasonal timing and phenology (Woods, Kaz & Giam, 2022; Dunn et al., 2023). For each
sampling site, we only used one sample (the most recent), since repeated measurements can spuriously

increase the similarity within types (Fig. 3.3).

The diatom data required extensive harmonization because of varying nomenclatures, identification errors
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Diatoms Fishes Macrophytes

Figure 3.2: Spatial distribution of sampling sites for diatoms, fishes, and aquatic macrophytes. The map
only shows sampling sites that we deemed least disturbed and could assign unambiguously to one stream
in the digital representation of the Broad River Types. The spatial distribution of samples is driven by data
availability and the extent of anthropogenic impacts and hence not balanced.

(Morales, Siver & Trainor, 2001; Kahlert et al., 2009), and ongoing changes to the accepted nomenclature
(e.g., Mann & Vanormelingen, 2013). We updated names to current synonyms and grouped often misiden-
tified taxa into complexes. We replaced synonyms with current taxonomic names using the taxonomic
database from the OMNIDIA software (Lecointe, Coste & Prygiel, 1993) and the algaebase website (Guiry
et al., 2014). We used Table S2 from Kahlert et al. (2020) to group contentious taxa into complexes. For
fish and macrophytes, we replaced taxonomic synonyms with accepted names as indicated by the Global
Biodiversity Information Facility (www. gbif.org). We removed taxa that only occurred in one sample. For
macrophytes, we included true hydrophytes, helophytes, and mosses but no riparian vegetation. All anal-
yses were conducted with species- or complex-level data. Harmonization tables providing original names
and synonyms for all three taxonomic groups are available in the accompanying Zenodo folder (Jupke,

2023).

To prevent anthropogenic stressors from harmonizing communities across river types (McKinney & Lock-
wood, 1999; Petsch, 2016), we analyzed <ns1:XMLFault xmlns:ns1="http://cxf.apache.org/bindings/xformat"><ns1:faultstring xmlns:ns1="http://cxf.apache.org/bindings/xformat">java.lang.OutOfMemoryError: Java heap space</ns1:faultstring></ns1:XMLFault>